[1] Atmospheric O 3 , CO, SO 2 , and NO y * (NO y * % NO + NO 2 + PAN + organic nitrates + HNO 3 + N 2 O 5 + ...) were measured in 1999-2000 at a rural/agricultural site in the Yangtze Delta of China. In this paper we analyze the measurement results to show the emission characteristics of the measured gases and to infer relevant emission ratios. Positive correlations were found between CO and NO y * with a slope (Á[CO]/Á[NO y *]) of 36 (ppbv/ppbv) for the winter and nighttime measurements. The ratio is considerably larger than that (%10 ppbv/ppbv) observed in the industrialized countries. The highest CO/NO y * ratio (30-40 ppbv/ppbv) occurred in September-December 1999 and June 2000. The good correlation between CO and the biomass burning tracer CH 3 Cl and the lack of correlation with the industrial tracer C 2 Cl 4 suggests that the burning of biofuels and crop residues is a major source for the elevated CO and possibly for other trace gases as well. The average SO 2 to NO y * ratio was 1.37 ppbv/ppbv, resulting from the use of relatively high-sulfur coals in China. The measured SO 2 /NO y * and ÁCO/ÁNO y * were compared with the respective ratios from the current emission inventories for the study region, which indicated a comparable SO 2 /NO x emission ratio but a large discrepancy for CO/NO x . The observed CO to NO y * ratio was more than 3 times the emission ratio derived from the inventories, indicating the need for further improvement of emission estimates for the rural/agricultural regions in China. Additional research will be needed to study the implications of rural emissions to atmospheric chemistry and climate on both regional and global scales.
Introduction
[2] In the past two decades, China has experienced phenomenal urban and industrial development. The increasing consumption of fossil fuels has led to an increasing emissions of major air pollutants, such as sulfur dioxide (SO 2 ), oxides of nitrogen (NO x ), and carbon monoxide (CO) [Galloway, 1989; Kato and Akimoto, 1994; Streets and Waldhoff, 2000] . The large emission of air pollutants has not only adversely affected air quality in major cities but has also caused pollution to occur on regional scales. The emission of SO 2 from coal burning has led to the formation of acid deposition over a large region in southern China . The increasing emission of NO x and other ozone precursors have caused rural ozone concentrations high enough to depress China's winter wheat production [Chameides et al., 1999a] . Atmospheric aerosols and pollution haze have been suggested to significantly reduce solar irradiance reaching the Earth's surface, which could in turn cause 5-30% reduction in the yields of rice and winter wheat in China [Chameides et al., 1999b] . On a larger scale the massive expansions of China's vehicle fleet and road infrastructure has been suggested to have the potential to influence the tropospheric chemistry and the biogeochemical cycles in the remote Pacific Ocean [Elliott et al., 1997] .
[3] Rural areas of eastern China have some unique characteristics relevant to atmospheric environment studies. Approximately 80% of the nation's population reside in the rural/agricultural regions. The energy use pattern (and thus the emission characteristics) in rural regions can be rather different from urban areas. For example, biofuel is a main energy source for cooking and space heating in rural homes in China (as well as in other developing countries in Asia) [Streets and Waldhoff, 1998 ]. Additionally, with the industrial expansion the number of small factories has grown at a fast pace in many traditionally rural areas. Thus human activities and the resulting emissions in these areas (particularly in the populated coastal regions) can be quite significant. It is important to quantify concentrations of key trace gases and aerosols in the rural atmosphere in order to assess the level of exposure to pollution for the large rural population and to study environmental impacts of rural emissions. Atmospheric data in rural areas are also needed for elucidating atmospheric processes, reconciling emission inventories, and constraining chemical transport models. So far, field measurements outside urban centers in China have been very limited, especially those maintained for extended periods of time. The first large-scale field study of ozone (O 3 ) and related gases was carried out in 1994 -1995 at several rural sites in eastern China [Peng et al., 1997; Luo et al., 2000] . In 1999 a field campaign took place in the Yangtze Delta region, during which we measured O 3 , CO, SO 2 , and NO y * from June 1999 to November 2000 at a typical rural/agricultural site. In addition, whole air samples were collected in 2-L stainless steel canisters and analyzed for organic compounds. The field study was part of a larger Chinese research program that was a cooperative effort with the China-MAP Project (the Yangtze Delta of China as an Evolving Metro-Agro-Plex). The overall seasonal variations of the measured gases and the ozone relationships with NO y * and CO have been shown by Wang et al. [2001a] . This present paper focuses on the emission patterns of CO, NO x , and SO 2 observed at this rural site. The organic data are analyzed to suggest source(s) of elevated trace gases. The inferred emission ratios from the measurements are then compared with those derived from recently compiled inventories for the study region.
Experiment
[4] The study was conducted at the Linan Baseline Air Pollution Monitoring Station (30°25
Zhejiang Province (Figure 1 ). The station is 53 km west and 210 km southwest of the major population centers of Hangzhou and Shanghai, respectively, with the Linan township ( population: $50,000) 10 km to the south. To the west and farther south are sparsely populated and less developed mountainous regions. The measurement site is surrounded by hills planted in pines, mixed deciduous trees, and bamboo, as well as crop fields of various sizes in the valleys between the hills. Small villages are scattered around the station within a distance of a few kilometers. This land use pattern is typical in the rural part of eastern China.
[5] Measurement instruments were housed in a laboratory situated on a hilltop. The laboratory had an air conditioner; however, the indoor temperature was not always controlled at a fixed level. Ambient air samples were drawn through a perfluoroalkoxy (PFA) Teflon tube (outside diameter, 12.7 mm; inside diameter, 9.6 mm; length, 8.5 m), which was connected to a PFA manifold. The inlet of the sample line was located 5 m above the rooftop of the laboratory. A bypass pump drew air at a rate of 15 L/min. With four analyzers the residence time of sampled air in the tube and the manifold was less than 2 s. An inline Teflon filter (Fluoroware Inc., Chaska, Minnesota) was placed upstream of each analyzer to prevent particles from entering into the analyzer.
[6] The analyzers for measuring O 3 , SO 2 , and NO y * had been previously used in field studies at a coastal site in Hong Kong [Wang et al., , 2001b .
[7] O 3 was measured using a commercial UV photometric instrument (Thermo Environmental Instruments, Inc.
(TEI), model 49) that had a detection limit of 2 ppbv and a 2-sigma (2-s) precision of 2 ppbv for a 2-min average.
[8] SO 2 was measured by a pulsed UV fluorescence (TEI, model 43S), with a detection limit of 0.06 ppbv and 2-s precision of 3% for ambient levels of 10 ppbv (2-min average). The uncertainty was estimated to be $9%. This estimate, however, does not include the possible additional errors caused by the loss of SO 2 in the unheated sampling line and by the interference of atmospheric water vapor [Luke, 1997] .
[9] CO was measured with a gas filter correlation, nondispersive infrared analyzer (Advanced Pollution Instrumentation, Inc., model 300) with a heated catalytic scrubber (as purchase) to convert CO to carbon dioxide (CO 2 ) for baseline determination. Our tests showed that nearly 100% of the water vapor was able to pass through the converter, although it could take a few minutes for the signal to reach an equilibrium. In our study, zeroing was conducted every 2 hours, each lasting 12 min. The 2-min data at the end of each zeroing were taken as the baseline and were automatically subtracted from the instrument signals. The detection limit was 30 ppbv for a 2-min average. The 2-s precision was $1% for a level of 500 ppbv (2-min average) and the overall uncertainty was estimated to be 10%. The in situ CO data were compared with those from the analyses of 16 canister samples that were taken between 26 October and 2 November 1999 at the site and analyzed at the University of California, Irvine using the gas chromatographic method. (The concentrations of methane, C 2 -C 10 nonmethane hydrocarbon (NMHCs) and C 1 -C 2 halocarbon in the canister samples were also determined using a combination of gas chromatography with flame ionization detector (GC/FID) and gas chromatography with electron capture detector and mass spectrometric detector (GC/ECD/MSD) techniques [Blake et al., 1996] .) The two sets of CO data correlate very well in the observed range of 350 -1065 ppbv ([CO] in situ = 0.92 [CO] canister + 20; r 2 = 0.97). The in situ concentrations were slightly lower than the canister results.
[10] NO was detected with a chemiluminescence analyzer (TEI, model 42S) with a detection limit of 0.05 ppbv. The 2-s precision of this instrument was 4% (for NO = 10 ppbv) and the uncertainty was $10%. NO 2 was converted to NO using hot molybdenum oxide maintained to 325°C with the NO subsequently measured by the chemiluminescence detector. This technique is known to convert other reactive nitrogen species such as peroxyacetyl nitrate (PAN), aerosol nitrates (NO 3 À ) and nitric acid (HNO 3 ). Thus the measured quantity approximates total reactive nitrogen, or NO y (where NO y = NO + NO 2 + PAN + HNO 3 + NO 3 À + N 2 O 5 + HONO + organic nitrates + ...). In our experiment, NO 3 À was most likely being collected on the inline Teflon filter (which was replaced normally every 10 days). Most of HNO 3 was believed to have passed through the PFA sample line [Neuman et al., 1999] during the short residence time, though some could be absorbed on the sample line and/or by aerosols collected on the filter. Our measurement using this conversion technique is hereafter referred to as NO y *. (We used the term ''NO x *'' for this measurement in our previous work [Wang et al., 2001a] .)
[11] The analyzers were checked every 5 hours (9 hours after April 2000) by injecting scrubbed ambient air (TEI, model 111) and a span gas mixture. A National Institute of Standards and Technology (NIST) traceable standard (ScottMarrin Inc., California) containing 100.5 ppmv CO (±2%), 11.28 ppmv SO 2 (±5%), and 11.28 ppmv NO (±5%) was diluted using a custom-made calibrator with two mass flow controllers (Tylan General Inc., Torrance, California). The span and zero air were introduced to the analyzers through the inline particulate filter to account for possible losses of measured gases during normal measurement cycles. The O 3 analyzer was spanned using an internal ozonator inside the analyzer. Multipoint calibrations were performed at $3-month intervals by our personnel making the journey to the site. Local observatory staff carried out daily inspection of the instruments and replaced the inline filters. The automatic zero/span tests and data acquisition were conducted using a data logger (Environmental Systems Corporation, model 8816). One-minute averaged data were stored in the data logger and hourly averaged values are presented in this paper.
Results and Discussion

Overall Statistics
[12] Table 1 shows monthly averaged concentrations of CO, SO 2 , NO y *, O 3 , and their standard deviations. The statistics are calculated for daytime (0800 -1959 LT) and nighttime (2000 -0759 LT) periods. Also shown are maximum 1-hour O 3 concentrations in each month. Seasonal patterns are obvious for all these gases, with highest levels in winter for the primary pollutants and in late spring for ozone. The levels of primary pollutants are $1-5 times of those observed in rural areas in North America and Western Europe [e.g., Parrish et al., 1991; Parrish et al., 1993; Buhr et al., 1995] . The observed winter peaks are believed to be due to weaker vertical mixing, slower chemical destruction, and probably a higher-energy demand (for heating) in winter. Low summertime values may be attributed to the rainy and unstable weather (with heaviest rainfall occurring in June) and also to the inflow of clean oceanic air brought in by the summer monsoon. Analysis of surface wind data from this site indicated that the winds were frequently from SSW with low speeds at night but changed to NNE during daytime with increasing speeds. This diurnal wind change appeared to be a result of the mountain valley flow induced by surface heating and the hilly topography of the study region.
[13] Figure 2 shows averaged diurnal cycles of the primary pollutants in winter (January 2000) and summer (July 2000) . In general, higher levels of these gases were found at night than during daytime (the opposite is true for ozone, figure not shown.) The diurnal behaviors of these gases reflect the combined effects of diurnal changes in surface emissions, atmospheric transport (convection and advection), chemical transformation, and deposition processes, plus a compressed boundary layer at night. In winter when temperature and solar radiation is low, chemical reactions slow down, and emission and dynamic transport processes are expected to have a bigger influence on the diurnal variations of the gases. The average CO mixing ratio in January was $900 ppbv at night with a lower value ($750 ppbv) between 0400 and 1600 LT. NO y * showed a similar diurnal variation with a nighttime value of $20 ppbv versus a daytime level of $15 ppbv, whereas SO 2 had an additional peak in the morning. The reduced levels of CO and NO y * in the 0400 -1600 LT time window could be attributed to a smaller emission (e.g., reduced home heating) in the above period and/or increased daytime dilution by stronger winds and thicker boundary layer. In July, CO, SO 2 , and NO y * levels were highest between 0600 -0800 LT (e.g., [CO] % 400 ppbv; [NO y *] %10 ppbv) and lowest between 1200 -1600 LT (e.g., [CO] % 280 ppbv; [NO y *] % 5 ppbv). The elevated nighttime levels indicate an accumulation in the shallow nocturnal inversion layer of pollutants advected to the site from the adjacent rural areas. The rapid decreasing in daytime levels may be attributed to the dilution effect of the convective mixed layer in hot summer and the photochemical decay of NO x (followed by the removal of HNO 3 and aerosol nitrate) and SO 2 . It is interesting to note that SO 2 and NO y * showed a larger relative morning-afternoon decrease than CO, with SO 2 exhibiting the largest drop (from 18 to 4 ppbv). As a result, a lower SO 2 to NO y * ratio was found during daytime. A similar phenomenon was also observed in winter.
[14] To further examine the emission characteristics, we segregated the data into two groups. One contains measurements at nighttime (2000 -0759 LT) plus all 24 hours in the three winter months (December, January, February); the other has only daytime (0800 -1959 LT) values for nonwinter months. Since the nighttime/winter subset contains higher levels of pollutants and is also less affected by photochemical conversions of NO x and SO 2 , it should give the clearest signature of rural emissions for the study area. Similarly, Buhr et al. [1995] made use of data collected between 0000 and 0800, when several trace gases were at maximum values, and they estimated the emission ratios at a rural Alabama site. In the discussion below we will mainly report on the nighttime/winter data but will also compare with the results from the daytime data set.
Correlation of CO, NO y
* * * * * * * * * * *, and SO 2 [15] Emission ratios can be inferred from the correlation of relevant compounds. Figure 3 shows the CO-NO y * scatterplots for both nighttime/winter and daytime data sets. In both data sets, CO and NO y * are reasonably well correlated, with a slope (Á[CO]/Á[NO y *]) of 36 and 39 ppbv/ppbv for the nighttime and daytime subsets, respectively. The intercept in the correlation plot can be interpreted as the background CO concentration for the study region, which is 176 and 191 ppbv for the two data sets, respectively. These values are higher than those ($120 ppbv) from the rural United States [Parrish et al., 1991] . For SO 2 and NO y * (Figure 4 ) the data points are more scattered and tend to fall into two groups: one with higher SO 2 to NO y * ratios and one with lower ratios. The high SO 2 /NO y is characteristic of the emission from coal burning (e.g., in power generation plants), while low SO 2 /NO y is normally attributed to urban vehicle emissions [Parrish et al., 1991] .
[16] We further segregated the data into high-SO 2 (SO 2 / NO y * ! 1 ppbv/ppbv) and low-SO 2 (SO 2 /NO y * < 1 ppbv/ ppbv) subgroups and examined the CO-NO y * correlations in the two subsets. Interestingly, there was no significant difference in the slope between the high-and low-SO 2 cases. (The slopes were 32 and 37 ppbv/ppbv for highand low-SO 2 , respectively.) This result suggests that the CO and NO y * observed at Linan were emitted from a common source(s) that did not appear to emit significant amounts of SO 2 . Inspection of the time series plots indicates that there were many occasions when SO 2 exhibited sharp peaks but CO and NO y * levels did not show large (or proportionally large) enhancements. Figure 5 gives examples of such cases, indicating a larger variability in SO 2 than in NO y * and CO. The large variation of SO 2 is also reflected in the large standard deviations (relative to the means) in the monthly statistics (Table 1) .
[17] We also examined the CO-NO y * correlation plots for each month in order to see whether the slope (and emission ratio) varied significantly with each season (see Figure 6 ). Both daytime and nighttime CO-NO y * slopes are shown in Figure 6 as well as the corresponding correlation coefficients (r). Several interesting features are worth mentioning. First, the slope is largest (daytime = 45-50 ppbv/ppbv; nighttime = 30-40, ppbv/ppbv) in September -December 1999 and June 2000, with lowest values ($20-25 ppbv/ ppbv) in February and two summer months: July and August. The seasonal pattern is smoother in the daytime data set. The overall CO-NO y * relationship is dominated by the winter data (with a slope similar to that of the overall data set). Second, a diurnal difference is noticed. The daytime slopes are larger in most of the warm months, which is what one would expect because of the daytime Figure 6 . CO-NO y * slopes and correlation coefficients as a function of month. ACH conversion of NO x to HNO 3 followed by the removal (via wet and dry deposition) of HNO 3 from the air parcel. In contrast, in the three winter months (December, January, and February), the CO-NO y * slopes are very similar for daytime and nighttime data sets. This is also expected because of the slower rate of conversion of NO x under lower temperatures and reduced sunlight in winter. Third, the wintertime CO-NO y * has the strongest correlation (with highest r), while data for other months show a larger degree of scattering. The above result appears to suggest that the sources that emit high CO (relative to NO y ) were strongest in September -December 1999 and June 2000. Examination of the monthly CO-SO 2 slopes (figure not shown) yielded a similar conclusion. Namely, higher CO-SO 2 slopes were found in September -December 1999, and a moderately large slope was indicated in June 2000. It is interesting to note that these high CO periods seem to follow the harvest of summer rice in October and winter wheat in late May in the study region.
[18] The CO/NO x emission ratio derived from the present work is high compared to the results of previous studies conducted elsewhere. For example, based on the measurement of CO and NO y , Parrish et al. [1991] found an emission ratio of $10 ppbv/ppbv for the Denver-Boulder area and a smaller ratio of 4 -7 ppbv/ppbv for Scotia in rural Pennsylvania. In plumes emitted from urban Hong Kong, CO/NO y was $3 ppbv/ppbv [Kok et al., 1997] . (The very low CO/NO y in Hong Kong is attributed to a large fleet of diesel vehicles). The much higher CO/NO y * (36 ppbv) at the Linan site suggests that very different combustion processes are responsible for the CO observed in the study area. We will examine this topic in more detail in the following section.
Relation of CO to NMHC
[19] To help explain the source(s) of elevated CO observed at this rural site, we examined methane, C 2 -C 10 NMHCs and C 1 -C 2 halocarbon data. This information was based on the analyses of 16 whole air samples collected at the site between 26 October and 2 November 1999. (Note that the sampling period happened to be in the months of high CO-NO y * ratios.) Table 2 gives the mean mixing ratios and standard deviations of identified NMHCs. Figure 7 shows the correlations of CO with several NMHCs and halocarbons.
[20] Some interesting features can be seen in the NMHC data. The levels of ethane (mean = 3351 pptv) and propane (mean = 1592 pptv) are comparable to those found in rural areas of Europe and North America [e.g., Colbeck and Harrison, 1985; Hov et al., 1991] . However, the levels of ethene, ethyne, benzene, and toluene are significantly enhanced at the Chinese site. Vehicular exhaust has long been known to be the major source of these compounds in urban areas [Warneck, 1988] . However, a closer examination of these data suggests that vehicle emissions are not the dominant source of these gases for this study site. One piece of evidence is that compounds released from vehicular fuel evaporation, such as butanes and pentanes, are not significantly elevated. Examination of the correlation plots provides further insight about the source of CO and the combustion-related NMHCs. Figure 7 shows that CO is positively correlated with methane (r 2 = 0.85), Methyl chloride (r 2 = 0.83), benzene (r 2 = 0.73), ethane (r 2 = 0.71), ethyne (r 2 = 0.62), ethene (r 2 = 0.76) but has little correlation with C 2 Cl 4 and CFC-11. (As expected, CO is poorly correlated with biogenically emitted isoprene.) Methane and methyl chloride are emitted during biomass burning [Lobert et al., 1991; Blake et al., 1996] but have no significant source from vehicular exhaust. C 2 Cl 4 has been considered a typical urban/industrial tracer . The lack of correlation between CO and C 2 Cl 4 suggests that urban emissions (dominated by vehicular exhaust) are not the major source for CO (and probably also for ethene, ethyne, and benzene) observed at this rural site. Instead, the strong correlation of CO with CH 4 and CH 3 Cl suggests a significant contribution from the burning of biomass such as biofuels and crop residues. This source attribution is supported by the fact that burning of fuel wood is very common for cooking food in the villages of the surrounding area and that burning crop residues (wheat in late May and rice in autumn) was frequently observed during our maintenance visits to the study site.
[21] It is of interest to compare the NMHC data from Linan with those obtained during the Pacific ExploratoryMission West (PEM-West) studies [Hoell et al., 1996 [Hoell et al., , 1997 . Our data, though limited in sample number and time span, provide useful insights into the source signature for coastal eastern China. As one would expect, the levels of the gases at our inland site are higher than in the Asian outflow air mass sampled over the Pacific Ocean. For example, the mean mixing ratio of ethane at Linan was 3351 pptv, compared to 2337 pptv determined in fresh Asian continental plumes with less than two days transport time and below 2-km altitude during PEM-West B in spring 1994 Talbot et al., 1997] . For the shorter-lived benzene the difference is larger, 1331 pptv at Linan versus 180 pptv over the Pacific, which can be explained by the photochemical decay of benzene and the dilution effect as Asian plumes travel to the downwind regions over the Pacific. The magnitudes of ethyne/CO and propane/ethane have been used to indicate photochemical age of an air parcel [e.g., Talbot et al., 1997] . At the Linan site, averaged ethyne/CO and propane/ethane are 3.8 pptv/ ppbv and 0.47 pptv/pptv, respectively, which are similar to those (4.4 pptv/ppbv and 0.40 pptv/pptv) found in the lowaltitude, fresh Asian continental plumes [Talbot et al., 1997] . It is also interesting to note that the SO 2 to NO y ratio over the western Pacific (1.13 ppbv/ppbv) found in the work of Talbot et al. [1997] was comparable to the emission ratio (1.37 ppbv/ppbv) derived from the Linan site.
Comparison With Emission Inventory
[ 2 , from 12 to 9.2 Mt for NO x , and from 115 to 84.1 Mt for CO. The reduction in the estimated SO 2 and NO x emission is largely attributed to the decreasing industrial coal consumption and the mining of high-quality coal, whereas the decrease of the CO estimate is mainly a result of adopting updated emission factors (D. G. Streets, personal communications, 2001) . Table 3 gives the emission ratios derived from the 2000 inventory for Zhejiang (where the present measurements were made), several neighboring provinces, and the Shanghai municipality. Among them, Jiangsu and Shanghai are more industrially developed than Zhejiang, Jiangxi, and Fujian. Table 3 also shows the emission ratios inferred from the winter/nighttime measurements. We have used the concentration ratios to represent the emission ratios of SO 2 to NO x since their background levels are both near zero. The averaged SO 2 to NO y * ratio for the nighttime/winter data set is 1.37 ppbv/ppbv. This value is slightly larger than the emission-derived ratio (1.12 ppbv/ppbv) for Zhejiang but is within the range of 0.96-2.08 for the adjacent provinces.
[23] A large discrepancy is found for the CO to NO y ratio. The experimentally derived ratio (Á[CO]/Á[NO y *] = 36 ppbv/ppbv) is more than 3 times the emission-based value for Zhejiang (CO/NO x = 11 ppbv/ppbv) and is also considerably larger than those for the rest of the provinces and Shanghai. We further compared the observed ratio with those derived for the four quadrants in five grid boxes centered at the study site (with the grid size ranging 0.5°to 10°). This exercise yields a similar result: the observed CO to NO y * ratio is more than three times those estimated for all the quadrants in these boxes. This analysis suggests that the current inventory has significantly underestimated CO emissions from rural areas of China. The lower CO/NO x ratios in the inventories may be partially explained by the fact that the existing inventories include emissions from the burning of biofuels in cookstoves, but not any open burning such as burning of crop residues and during land clearing (D. G. Streets, personal communication, 2001) . Open burning of crop residues is known to produce very high CO/NO y ratios. We once collected an air sample at an open field burning site near the measurement site and found that the sample contained 3862 ppbv of CO and 17.4 ppbv of NO y *, giving an emission ratio of CO to NO x larger than 100 ppbv/ppbv. It should be noted, however, that other possible causes of the lower CO/NO x in the inventories, such as an underestimation of the amount and/or emission factor of CO for biofuels, should also be carefully investigated.
Summary and Conclusions
[24] We have analyzed the recently obtained 1-year data set of CO, NO y *, and SO 2 from a rural site in the Yangtze Delta in eastern China in an attempt to derive their emission ratios. CO and NO y * showed good positive correlations with an overall slope of 36 ppbv/ppbv, which is substantially larger than those (%10 ppbv/ppbv) found at rural sites in industrialized nations. The highest CO/NO y * ratios occurred in September -December 1999 and June 2000. The good correlation between CO and the biomass burning tracer CH 3 Cl and the lack of correlation with the industrial tracer C 2 Cl 4 suggests that the former is a major source for the elevated CO and possibly for other trace gases as well. The large SO 2 /NO y * ratio (1.37 ppbv/ppbv) reflects the use of coals containing a relatively high sulfur content. The observed SO 2 /NO y * is comparable with the latest emission inventories. However, a large discrepancy on the CO/NO y emission ratio exists between the inventory-derived and the measurement-inferred values. The observed ratio is more than three time the values from the emission estimates. An initial comparison with the results from the PEM-West aircraft studies shows that the values of ethyne/CO and propane/ethane for the present inland site are comparable to the ratios in the fresh Asian continental outflow encountered by the aircraft over the western Pacific.
[25] Our study suggests potentially strong emissions of chemically active trace gases (and aerosols) in rural areas of eastern China. The atmospheric and health implications of the rural emissions shall be investigated in greater detail. With regard to ozone pollution, the rural areas alone could emit substantial amounts of ozone precursors (CO, NMHCs, and NO x ) that lead to regional-scale ozone pollution, which could pose a serious health threat to the rural inhabitants. The high levels of regional ozone and ozone precursors could make it even more challenging to control ozone pollution in major urban areas of China. Further studies are needed to improve the estimates and projections of the rapidly changing emissions in China and to look into the potential impacts of rural emissions from Asia on the regional and global environment.
